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Abstract

River-recharged aquifers are developed for drinking water supplies in many parts of the world. Often, however, dissolved
organic carbon (DOC) present in the infiltrating river water causes biogeochemical reactions to occur in the adjacent aquifer
that create elevated Mn and Fe. Mn concentrations in groundwater from some of the production wells installed in the aquifer at
Fredericton, New Brunswick exceed the Canadian Drinking Water Guideline of 9.1 10™* mmol/l by up to 5.5 X 10~ mmol/L.
It has previously been hypothesized that the influx of DOC from the Saint John River is causing bacterially mediated reductive
dissolution of Mn oxides in the aquifer system, leading to elevated aqueous Mn concentrations. Previous work was limited to
the collection of water samples from production wells and several observation wells installed in the glacial outwash aquifer. The
objective of this study was to investigate the biogeochemical controls on Mn concentrations using sand-filled columns. One
column was inoculated with bacteria while a second column was treated with ethanol in order to decrease the microbial
population initially present in the system. Both columns received the same influent solution that contained acetate as a source of
DOC. The results of the experiments suggested that the two main controls on Mn concentrations in the columns were
microbially mediated reductive dissolution of Mn oxides and cation exchange. The conceptual model that was developed based
on the experimental data was supported by the results obtained using a one-dimensional reactive-transport model. The reductive
dissolution of Mn oxides in the aquifer sands could be adequately simulated using dual-Monod kinetics. Similar trends are
observed in the experimental data and field data collected from Production Well 5, located in the Fredericton Aquifer. From the
experiments, it is evident that cation-exchange reactions may be an important geochemical control on Mn concentrations during
the initial stages of pumping; however, the reductive dissolution of Mn oxides may represent a long-term source of Mn in the
drinking water supply.
© 2004 Elsevier B.V. All rights reserved.
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et al,, 1989; von Gunten et al., 1991; Bourg and
Bertin, 1993; Doussan et al., 1998). The infiltration of
river water into aquifer systems, also referred to as
bank filtration, may occur naturally or may be induced
by pumping wells installed in the adjacent aquifer.
The process of bank filtration usually alters water
quality. In general, bank filtration decreases particu-
lates, bacteria, and some inorganic and organic
compounds in the bank filtrate, which is beneficial
for drinking water supplies (Kuehn and Mueller,
2000). Variations in river water temperature and
composition are often dampened in the bank filtrate
and as a result the water quality in the aquifer is
relatively constant compared to the river (Kuehn and
Mueller, 2000). The geochemical evolution of
groundwater in aquifers that are hydraulically con-
nected to adjacent rivers depends on the physical and
geochemical characteristics of both the river and
aquifer systems. Most of these types of systems are
similar in that dissolved organic carbon (DOC)
present in the infiltrating river water often has a
significant effect on the geochemistry in the aquifer.

Thermodynamically, the oxidation of DOC
coupled to the reduction of dissolved oxygen (DO),
NO3, Mn(1V), Fe(Il), SO4 or CO, is predicted to
occur in the order shown in Fig. 1 (Champ et al.,
1979). In general, as river water rich in DOC
infiltrates into an adjacent aquifer, DO is preferen-
tially consumed. After the depletion of DO, the next
available electron acceptor will be consumed accord-
ing to the sequence shown in Fig. 1, which may lead to
the development of discrete redox zones along the
infiltration path. Although this is a general expec-
tation, redox processes that occur in groundwater
environments are commonly complex and highly
site-dependent as shown, for example, by Ludvigsen
et al. (1998).

In many river bank filtration water supplies the
redox sequence in Fig. 1 proceeds to reaction 3 or 4
creating problems of high Fe or Mn concentrations
(e.g. Thomas et al., 1994; Hiscock and Grischek,
2002). Manganese-oxide reductive dissolution is
generally thought to occur concurrently with the
reductive dissolution of Fe oxides (e.g. Nealson et al.,
1989). Lovley (1992) points out the difficulty of
differentiating between microbially mediated Mn-
oxide reductive dissolution, and the reductive dis-
solution of Mn oxides by Fe(IT) which is generated by

AG °y,
(kcal)
Reaction 1 Aerobic respiration
CH,0 + 0,4 CO, + H,0 -120.0
Reaction 2 Denitrification
5CH,O + 4NO, + 4H*¥» 5CO, + 2N, + 7H,0 -113.9
Reaction 3 Mn(IV) reduction
CH,0 + 2MnO, , + 4H* #2Mn?* + 3H,0 + CO, -81.3

Reaction 4 Fe(lll) reduction
CH,0 + 8H" + 4Fe(OH); (¥ 4Fe?* + 11H,0 + CO, -27.7

Reaction 5 Sulfate reduction
2CH,0 + SO,% + H* % HS + 2H,0 + 2CO, -25.0

DECREASING ENERGY AVAILABILITY FOR MICROBES

Reaction 6 Methanogenesis

2CH,0 + CO, + CH, + 2CO, 222
Fig. 1. The thermodynamically predicted order for redox reactions
to occur in subsurface environments. In these reactions CH,O is

used to represent labile dissolved organic carbon. The AGY,, values
are determined for a [H] of 1 X107’ M (Champ et al., 1979).

microbially mediated Fe(III) reduction (reaction 4 in
Fig. 1).

The role of microorganisms in the reductive
dissolution of both Mn and Fe oxides has been the
focus of many studies (e.g. Myers and Nealson,
1988a,b; Lovley et al., 1989). These researchers have
investigated the ability of different microorganisms to
obtain energy for metabolic processes by coupling the
oxidation of various electron donors to Mn(IV) and
Fe(III) reduction. The results of many of these studies
have been summarized by Lovley (1992). The effect
of oxide mineralogy on the microbially mediated
reductive dissolution of Mn oxides has also been
investigated (Burdige et al., 1992).

In several field-based studies of river-recharged
aquifers (e.g. Jacobs et al., 1988; von Gunten et al.,
1991; Bourg and Bertin, 1994), elevated Mn concen-
trations have been observed in the groundwater and
have been attributed to the reductive dissolution of
Mn oxides (reaction 3 in Fig. 1). In addition, some
studies have found that Mn concentrations varied
seasonally, with higher concentrations observed in
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the summer months (e.g. von Gunten et al., 1991;
Bourg and Bertin, 1994). Bourg and Bertin (1994)
suggested that the reductive dissolution of Mn oxides
in a river-recharged aquifer was microbially mediated
and observed that it occurred above a minimum
temperature of 10 °C.

In addition to field-based studies, laboratory
column experiments have been conducted to assess
biogeochemical reactions that occur in river-
recharged aquifers (Matsunaga et al., 1993; von
Gunten and Zobrist, 1993). Simulated river water
was introduced at the influent end of the columns and
the geochemical changes that occurred within the
sediments were monitored along the length of the
columns. These studies assessed a range of redox
processes that occurred within the columns as the
influent solution, which contained an organic carbon
source, travelled through the sediment.

1.1. Background

The Fredericton Aquifer is located in the down-
town area of the City of Fredericton, New Brunswick
(Fig. 2) and is the primary source of drinking water for
the city. Since pumping began in 1955, eight
production wells have been installed in the glacial-
outwash sand and gravel aquifer (Fig. 2) and currently
about 26,000 m>/d of water is extracted. Manganese
concentrations in water from some of the production
wells exceed the Canadian Drinking Water Guideline
of 9.1X10™* mmol/l (Federal-Provincial Subcom-
mittee on Drinking Water, 1996).

Previous studies have determined that the Fre-
dericton Aquifer and the Saint John River are
hydraulically connected (Violette, 1990; Thomas et
al., 1994). Thomas et al. (1994) observed a decrease in
DOC concentration between the river and Production
Well (PW) 5 (Fig. 2). They determined that the
degradation of organic carbon due to aerobic and
denitrification reactions could not fully account for
the observed decrease in DOC concentration. Thomas
(1991) hypothesized that Mn oxides that are present in
the Fredericton Aquifer undergo reductive dissolution
due to the influx of DOC from the Saint John River,
resulting in elevated Mn concentrations in the
groundwater; however, there are few data available
to support this hypothesis. Although temporal changes
in river water chemistry could cause subsequent

geochemical changes in the aquifer, historical data
from the Saint John River suggest that only Na and Cl
concentrations have changed significantly since 1961
(Thomas, 1991). Therefore, reactions occurring
within the aquifer sediments are likely leading to the
geochemical changes observed within the
groundwater.

1.2. Objectives

The main objective of this study is to quantitatively
assess processes controlling elevated dissolved Mn
concentrations in groundwater during bank filtration.
Specific objectives include: (1) monitoring temporal
geochemical changes that occur as simulated river
water infiltrates and interacts with aquifer solids; (2)
developing a conceptual model to explain the
biogeochemical processes; and (3) simulating the
processes occurring in the experimental columns
using a one-dimensional reactive-transport model.
Since elevated Mn concentrations are often a
problematic occurrence at river bank filtration sites,
this research should also provide insight that will have
applicability to other locations.

2. Methods
2.1. Approach

Geochemical data were obtained from sand-
column experiments that were considered to represent
a one-dimensional flow path from a river to a well in
an adjacent aquifer. The column experiments were
conducted using sands from the Fredericton Aquifer
(described later). Because Thomas (1991) previously
hypothesized that the principal control on Mn
concentrations in the Fredericton Aquifer is the
reductive dissolution of Mn oxides, batch tests were
conducted to determine initial estimates of Mn-oxide
reductive dissolution rates and Mn concentrations
under various experimental conditions (Petrunic,
2002). These results were then used to design the
column experiments and ensure that measurable
reductive dissolution of Mn oxides would occur
within a reasonable time frame.

The column experiments consisted of monitoring
the influent and effluent of two sand-filled columns.
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Fig. 2. Location of production wells installed in the Fredericton Aquifer. The piezometric contours are for the aquifer unit in which the wells are
screened and the data were collected in 1992, before Production Wells 7 and 8 were installed. The piezometric contour lines represent the
hydraulic head relative to sea level, and the river elevation at the time of data collection was 2.2 m.

Because this study was focused on the redox The influent solution was formulated to be similar to
conditions in which Mn oxides are reductively the composition of the Saint John River and contained
dissolved, the experiments were conducted anaerobi- DOC in the form of acetate. The initial microbial

cally and in the absence of nitrate and sulphate. conditions in the two columns differed, making it
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possible to assess the importance of microbially
mediated Mn-oxide reductive dissolution on Mn
concentrations. The aqueous geochemistry in the
effluent from both columns was monitored over a
200 day period.

2.2. Experimental set-up

A schematic diagram of the experimental set-up is
shown in Fig. 3. The columns were made from
plexiglass with an inside diameter of 10.2 cm. The
flow path in both columns was 19 cm. The columns
were packed with a sand mixture containing 10 wt%
pulverized Fredericton Aquifer (FA) sand (source of
Mn oxides in the experiments) and 90 wt% silica sand
(<710 pm). The silica sand was added in order to
decrease the initial mass of Mn oxides in the columns
thereby decreasing the time for complete Mn oxide
depletion. The FA sand was pulverized to ensure a
homogeneous distribution of Mn oxides throughout
the columns.

In the preliminary batch tests there was evidence
that the reductive dissolution of Mn oxides was
occurring in tests that did not receive an external
source of DOC (Petrunic, 2002). As a result, both
sediment samples (FA sand and silica sand) were
cleaned with hydrogen peroxide to reduce the amount
of organic matter on the surfaces of the sediments
(methods modified from Crawford et al., 1998) and to

Nitrogen
Outlet

Flow

\irection
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ensure that acetate was the sole electron donor in the
column experiments. The FA sand (prior to pulveri-
zation) was allowed to sit in a 5% solution of
hydrogen peroxide until effervescence diminished
(approximately 15 h) whereas the silica sand was
allowed to sit in a 20% solution of hydrogen peroxide
for approximately 6 h. Both sands were then washed
thoroughly with tap water and dried at temperatures
between 30 and 40 °C.

The Mn and Fe content of the mixed column sand
was determined by extraction with hydroxylamine
hydrochloride which preferentially targets the Mn and
Fe oxyhydroxide phases of a sediment (Hall et al.,
1996). The cation exchange capacity (CEC) of the
mixed column sand was determined using a barium
chloride (BaCl,) extraction (Hendershot and
Duquette, 1986).

In order to observe the effect of microbial
mediation, one of the columns (referred to as the
‘inoculated column’) was inoculated as it was filled
with the sand mixture using a microbial population
that originated from the Saint John River. The second
column (referred to as the ‘treated column’) was not
inoculated; instead a 70% ethanol solution was
introduced to the column to decrease the initial
microbial population present in the system. In
addition, a sterile 0.2 um flow-through filter was
inserted before the inlet of the second column to
minimize microbial input from the influent solution.

Inoculated Treated
column column
effluent effluent

Influent
sampling

Input Peristaltic
Reservoir Pump
Flask 0.2 pm
containing sterile
limestone filter
(—
Nitrogen
Tank

Fig. 3. A schematic diagram of the experimental set-up.
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The composition of the influent solution was
formulated to be similar to the Saint John River
(Table 1). The input solution reservoir was continu-
ously purged with nitrogen gas to remove oxygen (O,)
and prevent aerobic reactions. Bicarbonate alkalinity
was added to the input solution by allowing the water
to flow through a flask containing crushed limestone.

The source of DOC in the input solution was
acetate. All acetate concentrations are reported as mg
C/1. The reductive dissolution of Mn oxides (assumed
to be present as MnO,) by acetate is thermodynami-
cally predicted to occur according to the following
overall reaction (after Lovley, 1992):

CH;COO™~ + 4MnO, + 7H" — 2HCO;
+ 4Mn*" + 4H,0 (1)
The input solution was changed approximately
every 4 days to avoid acetate degradation in the input

reservoir. In the batch experiments, the highest Mn
concentrations were observed in vessels containing

Table 1

FA sand that were incubated at 20 °C. As a result, the
column experiments were conducted as close as
possible to this temperature (average 23 °C) to ensure
that measurable Mn-oxide reductive dissolution
would occur.

The volumetric discharge from the columns was
measured approximately every 2 weeks. Chloride was
used as a conservative tracer to determine the
dispersivity and average linear velocity in each
column. The dispersivity was determined from the
Cl breakthrough data using the program CXTFIT
version 2.2 (Toride et al., 1995).

The columns were monitored for a period of 200
days. At day 153, flow to the columns was stopped for
20 days and the columns became closed systems. This
was done to determine whether Mn concentrations
were limited by mineral precipitation reactions or by
reductive-dissolution kinetics (residence time in the
column). At day 173, flow to the columns was
resumed and the aqueous geochemistry of the
effluent from both columns was monitored for another
27 days.

Chemical composition of the influent solution used in the experiments and Saint John River water

Parameter Units Influent solution Saint John River
Average values Standard deviation Average values®  Standard deviation
(n=34)
Value n

pH - 8.92 0.3 7.7 0.4 23
DOC mmol/l n/a - 0.72 0.14 22
CH;COO mmol/l 0.51 0.01 n/a n/a n/a
Alkalinity® mmol/l 0.041°¢ 0.01 0.41 0.04 21
Ca mmol/l 0.41 0.01 0.42 0.04 27
Mg mmol/l 0.082 0.001 0.078 0.007 27
Na mmol/l 0.48 0.01 0.14 0.02 26
K mmol/l 0.050 0.001 0.013 0.003 27
Cl mmol/l 1.3 0.02 0.11 0.02 25
SO, mmol/l <0.005 - 0.073 0.009 25
NO;3 mmol/l <0.002 - 0.009 0.002 25
Fe mmol/l <0.0001 - 0.001¢ 0.0002 15
Mn mmol/l <0.0001 - 0.0003¢ 0.0002 13
Cu mmol/l <0.0001 - 0.015 0.005 26
Zn mmol/l 0.0004 0.0004 0.0002¢ - 1
Sr mmol/l 0.003 0.0001 n/a n/a n/a

n/a, not available.
# Data collected in 1998 (K. Dupuis, unpublished data).
® Alkalinity as CaCOs.

¢ Alkalinity value determined after acetate alkalinity was subtracted from total alkalinity.
4 Several samples were not included in the average because the concentrations were below instrument detection.
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2.3. Sampling

The influent solution and the effluent of both
columns were sampled approximately every 5 days.
The volumetric discharge was low (124 ml/d) and, as
a result, the average sample collection time was
approximately 24 h. Aqueous samples were collected
for cation and anion analyses in sample bottles that
were first purged with argon gas, then loosely capped
during sample collection. The samples were with-
drawn into a syringe and immediately filtered (0.1 pm
cellulose acetate/nitrate). The cation samples were
acidified using concentrated trace-metal nitric acid
and stored in a refrigerator until analysis. Anion
samples were frozen until analysis. pH and Eh
measurements were conducted in sealed syringes
using a Ross combination pH electrode (model
815600) and an Orion platinum redox electrode
(model 98-78-00). Total alkalinity measurements
were determined colourimetrically using a HACH
digital titrator and methyl-red bromocresol-green as
the indicator. Bicarbonate alkalinity was determined
after the contribution from acetate was subtracted
from total alkalinity. All sample bottles (high density
polyethylene), syringes and filters were acid washed
in 10% hydrochloric acid prior to use.

2.4. Analytical methods

The concentrations of Al, As, Ca, Cd, Co, Cr, Cu,
Fe, K, Mg, Mn, Na, Ni, Pb, Sr, and Zn were measured
using Inductively Coupled Plasma Optical-Emission
Spectroscopy (ICP-OES; Spectro Ciros CCD) and
selected samples were analysed for As using Graphite
Furnace Atomic Absorption Spectroscopy (GF-AAS;
Perkin Elmer HGA-400/300). Acetate, SO4, NO3 and
Cl were determined using Ion Chromatography (IC;
Dionex DX-120). A complete list of analyses is provided
here, however, only the parameters found in concen-
trations above detection limits will be discussed.

2.5. Geochemical modelling

The geochemical speciation and reactive-transport
model PHREEQC v.2.4.2 (Parkhurst and Appelo,
2001) was used in this study. The model uses an
explicit finite difference method to solve the one-
dimensional advection—dispersion—reaction equation.

The model is capable of incorporating many geo-
chemical processes such as: aqueous geochemical
speciation, mineral precipitation—dissolution reac-
tions, exchange reactions, surface-complexation
reactions, and kinetic reactions. The model was
chosen because of the ability to link aqueous
geochemical reactions with one-dimensional
transport.

The PHREEQC model was used to determine the
geochemical speciation of the influent and effluent
aqueous samples collected from both columns and to
simulate one-dimensional reactive-transport in the
columns to test the conceptual model. The reactive-
transport simulations incorporated equilibrium-com-
plexation reactions, cation-exchange reactions, and
kinetically controlled Mn-oxide reductive-dissolution
reactions. The WATEQ4F database (Ball and
Nordstrom, 1991) with the modifications listed in
Table 2 was used in all the simulations.

A dual-Monod formulation was used to simulate
kinetically controlled Mn-oxide reductive dissolution.
The dual-Monod formulation was written in terms of
the electron acceptor, which was represented in the
model by pyrolusite (MnQO,). The stoichiometry in
Eq. (1) was used to represent the reductive dissolution
of pyrolusite coupled to the oxidation of acetate.

The Monod formulation for pyrolusite was as
follows (square brackets denote concentrations in
mol/kg water):

dMnOy] _ (S [MnO,]
a ik TS ) \K, + [MnO,]

2

where

gm maximum utilization rate for pyrolusite (mol
pyrolusite/(g cells d))

X; concentration of biomass (g cells/kg water)

S¢ concentration of acetate (mol acetate/kg water)

K, half-saturation constant for acetate (mol aceta-
te/kg water)

K, half-saturation constant for pyrolusite (mol pyro-
lusite/kg water).

The corresponding Monod formulation for the
biomass in the system was as follows:
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Table 2

Modifications made in the WATEQA4F database (Ball and Nordstrom, 1991)

Species or reaction Resulting change in database

Master species C(—4)
Master species C(0)
Secondary master species
A h= —65.76 kcal®
Association reaction

Excluded all the reactions involving methane (CH,4)
Included acetate with the following parameters: alkalinity of 0, molecular weight of 59.05 g/mol
Included the following reaction: 2CO3~ + 11H' + 8¢~ = CH;COO™ + 4H,0, log k=49,

Included the following reaction: CH;COO ™ +H ' =CH;COOH, log k= 4.76, A h=0 kcal®

# Thermodynamic data taken from CRC Handbook of Chemistry and Physics, 78th edition (Lide, 1997).
b Thermodynamic data taken from MINTEQ database (Allison et al., 1990).

de o Sf [MHOZ] _ ‘
T (KS + Sf> (Ka + [MnOz]> e &

where

k maximum utilization rate for acetate (mol ace-
tate/(g cells d)). Using stoichiometry of Eq. (1)
gives k=0.25¢,

Y microbial yield coefficient (g cells/mol acetate)

b first order decay constant (d 1).

The advection-reaction—dispersion equation for
acetate in the simulations was represented by the
following:

3 _p B0
at L ox2 dx

xS
"\ K, + S; ) \ K, + [MnO,]

where

Dy, hydrodynamic dispersion coefficient (m?/d)
v pore-water velocity (m/d).

3. Results and discussion
3.1. Geochemical evolution in the columns

The chemical- and physical-transport properties of
the sand in the columns are provided in Table 3. The
data collected from both columns indicate an initial
period when the geochemical conditions were
transient, followed by a period of steady-state
conditions (Fig. 4A and B). The initial variation in

solute concentrations over a time period of approxi-
mately 100-120 days is thought to result from
variations in the rates of reactions during the
establishment of conditions suitable for reductive
dissolution of Mn oxides, and from the gradual
establishment of cation-exchange equilibrium within
the columns. These processes are discussed below in
relation to the data.

3.1.1. Transient conditions

The average influent acetate concentration was
0.51 mmol/l (Fig. 4A, Table 1). The initial break-
through of acetate in the effluent from the inoculated
column occurred after approximately 10 days when a
concentration of 0.15 mmol/l was reached. From this
time until the flow was stopped at 153 days, the
concentration of acetate in the inoculated column
ranged between 0.15 and 0.21 mmol/l. In contrast, the
initial breakthrough of acetate in the effluent from
the treated column was similar to the breakthrough of
the conservative solute Cl (Fig. 5). Following

Table 3
Properties of the sand in the columns
Parameter Units Inoculated  Treated
column column
Chemical properties
Mn mg/kg sediment 50 50
Fe mg/kg sediment 569 569
CEC meq/100 g 0.9 0.9
sediment
Physical properties
Average ml/d 124 124
discharge
Average linear cm/d 3.54 3.58
velocity
Residence time d ~5 ~5
Dispersivity cm 0.26 0.21
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Fig. 4. (A) Acetate concentrations, (B) manganese concentrations,
(C) bicarbonate alkalinity values and pH versus time in the effluent
from both the inoculated (circles) and treated (triangles) columns.
Arrows denote average influent values. Error bars are shown as
relative standard deviation of analytical duplicate samples.

breakthrough, the acetate concentrations in the treated
column remained near influent concentrations until
about day 35. Acetate concentrations then declined to
a steady-state concentration of about 0.22 mmol/l at
approximately 120 days.

Manganese concentrations in the effluent from
both columns increased, reaching maximum concen-
trations within 25 days. The Mn concentrations then
declined until steady-state values of 0.015 and
0.0034 mmol/l were reached after approximately
120 days in the effluent from the inoculated and
treated columns, respectively (Fig. 4B).

For the inoculated column, the initial lack of
acetate and non-zero Mn concentrations in the effluent
suggest that the reductive dissolution of Mn oxides

10 [gratgesmmee F oo ces " emedd
ATA L
A
%, oCl
* AA A Acetate
A
o AA -
S e A, A
AA 44
2
A
0.0 } T T T
0 50 100 150 200
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Fig. 5. A comparison between the breakthrough of the conservative
anion, Cl (diamonds), and acetate (triangles) in the treated column.
The Cl and acetate data were normalized to the average influent
concentration.

occurred as acetate was introduced to the column. In
the effluent from the treated column, acetate concen-
trations did not decrease until about day 35,
suggesting that there was a corresponding delay in
the onset of Mn(IV) reduction compared to the
inoculated column. These inferences are consistent
with the observation of higher Mn concentrations in
the effluent from the inoculated column, which peaked
at 0.062 mmol/l, compared to the Mn concentrations
in the effluent from the treated column, which peaked
at 0.056 mmol/l. In addition, Mn concentrations in the
effluent from the inoculated column remained ele-
vated for a longer period of time (about 15 days)
compared to the treated column. The delayed onset of
Mn-oxide reductive dissolution in the treated column
is most likely a result of the ethanol pretreatment
which would have decreased both the microbial
population and diversity within the column sediments.
The microbial population which survived the ethanol
pretreatment would have required additional time for
growth, a time period in which, consistent with the
data, the consumption of acetate and production of
Mn(II) are expected to be low.

The alkalinity data further support the suggestion
that Mn-oxide reductive dissolution occurred in both
columns but with delayed onset in the treated column
(Fig. 4C). The average influent alkalinity concen-
tration was 0.083 mmol/l as bicarbonate (Table 1).
The initial alkalinity concentration in the effluent from
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the inoculated column was very high (approximately
1.1 mmol/l), then declined to a steady-state value after
about 10 days that ranged between (.21 and
0.36 mmol/l. The initially high alkalinity value in
the inoculated column is likely a result of the column
being saturated with de-ionized water, followed by a
4-day period without flow prior to beginning the
experiment. Under these conditions, the microbial
population would be expected to consume any organic
carbon available within the column, leading to the
observed increase in alkalinity. The higher alkalinity
in the effluent from the inoculated column throughout
the experiment, compared to the influent solution, is
consistent with the oxidation of acetate as in Eq. (1).
The alkalinity in the effluent from the treated column
started very low (approximately 0.044 mmol/l) and
increased to a steady-state concentration of approxi-
mately 0.22 mmol/l after 120 days. Similar to the
inoculated column, the increasing alkalinity values
coupled to decreasing acetate concentrations after 35
days is likely due to the oxidation of acetate.

The reductive dissolution of Mn oxide is a proton
consuming reaction and based on the numerical
simulations (see below) it is expected that, with the
amount of Mn(II) produced in the experiments, the pH
in the column effluents would have increased as high
as 9.3. This was not the case (Fig. 4C), and the
mechanisms contributing to pH buffering within
the columns cannot be adequately assessed with the
available data. It is possible that other organic-carbon
degradation reactions, such as fermentation, contri-
buted to the pH buffering.

Similar to Mn, acetate and alkalinity, the concen-
trations of the major cations (Ca, K, Mg, and Na) in
the effluent from both columns were initially transient,
then reached steady-state concentrations at various
times (Fig. 6A and B). Sodium concentrations in the
effluent from both columns increased steadily to reach
the influent concentration after 10 days. Initially, K
concentrations increased slightly above the influent
concentration during the first 15 days, then declined
and stabilized near the influent concentration after
26-30 days. Similarly, Mg concentrations in the
effluent from both columns peaked then declined,
reaching the influent concentrations after approximately
38 days. Calcium concentrations in the effluent from
the inoculated column increased to reach the influent
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Fig. 6. Cation concentrations in (A) the inoculated column and (B)
the treated column versus time. Arrows denote average influent
concentrations.

concentration after approximately 46 days, compared
to 31 days for the treated column.

The observed trends in cation concentrations in the
effluent from both columns are consistent with trends
that would be expected as cation-exchange reactions
respond to an input solution that is out of equilibrium
with the exchange sites in the column sand. The large
peaks in Mn concentrations in the columns are
thought to result from desorption of Mn(I) from
ion-exchange sites in response to the influx of Ca(Il)
with the influent solution (e.g. Eq. (5) where X
represents an exchange site).

Ca** + Mn-X, —» Mn** + Ca-X, (5)

This inference is supported by the observation that
Ca and Mn concentrations approach steady-state
within approximately the same time period (Fig. 6).
Sodium, K, and Mg reached influent concentrations at
similar times in the effluent from both columns,
whereas the time required for Ca to reach steady-state
concentrations in the inoculated column was greater
than in the treated column. In addition, the peak Mn
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concentrations remained elevated for a longer period
of time in the effluent from the inoculated column
compared to the Mn concentrations in the effluent
from the treated column. The delays in the establish-
ment of cation-exchange equilibrium are probably
related to the reductive dissolution of Mn oxides. The
greater mass of Mn on exchange sites within the
inoculated column due to the earlier onset of Mn(IV)
reduction, is expected to have slowed the progress of
Ca—Mn exchange equilibrium along the length of
the column.

The progression of cation-exchange reactions
within the columns may have been affected by the
pretreatment of the aquifer sand with hydrogen
peroxide. The pretreatment could have caused the
oxidation of adsorbed Mn(II) (naturally present on the
sands) or reductive dissolution of the Mn oxides
(Nealson et al., 1989). If the oxidation of Mn(II)
occurred on the mineral surfaces during the pretreat-
ment, the observed Mn peak may be suppressed.
Alternatively, if the Mn oxides were reductively
dissolved during the pretreatment, the Mn peak may
have been enhanced. Unfortunately, the effect that the
pretreatment had on the aquifer material is unknown,
but the onset of Mn-oxide reductive dissolution in the
columns would undoubtedly cause cation-exchange
reactions to occur in both columns.

3.1.2. Steady-state conditions

After approximately 120 days, near steady-state
conditions were reached for all parameters in both
columns. With the exception of Mn, steady-state
concentrations for the major cations were similar to
the respective average cation concentrations in the
influent solution. Manganese was not detected in the
influent solution; however, the concentrations of Mn
remained elevated in the effluent from both columns
after other cations reached steady-state values. This
supports the suggestion that reductive dissolution of
Mn oxides provided an internal source of Mn.

Average steady-state concentrations for Mn were
higher in the effluent from the inoculated column
(0.015 mmol/l) compared to the effluent from the
treated column (0.003 mmol/l) (Fig. 4B). The
average acetate concentrations at steady-state were
0.15 and 0.22 mmol/l in the effluent from the
inoculated and treated columns, respectively

(Fig. 4A), a decrease of approximately 0.3-
0.4 mmol/l compared to the influent solution. At
steady-state, the consumption of approximately
0.4 mmol/l of acetate (as carbon) should yield
approximately 0.8 mmol/l of Mn according to the
stoichiometry in Eq. (1). Manganese concentrations
did not reach these expected values and there are two
possible explanations for the observed difference: (1)
Mn(II) concentrations were limited by mineral
precipitation reactions; and (2) the acetate was not
solely consumed by the reaction presented in Eq. (1).

Lovley and Phillips (1988a) identified rhodochro-
site in laboratory experiments after Mn oxides were
reductively dissolved by acetate in the presence of the
bacteria GS-15. The precipitation of rhodochrosite
was also believed to limit Mn(II) concentrations in
laboratory column experiments that were used to
assess biogeochemical processes in a river-recharged
aquifer (Matsunaga et al., 1993). The role of
precipitation reactions in controlling the steady-state
Mn(II) concentrations observed in the present study
has been assessed with geochemical modelling.
Saturation indices calculated with PHREEQC indi-
cate that the porewater in the columns was under-
saturated with respect to rhodochrosite suggesting that
rhodochrosite precipitation did not limit Mn(II)
concentrations in these experiments.

The issue of whether the Mn concentrations in the
effluent from the columns was limited by mineral
precipitation reactions, or alternatively, by the kinetic
rate of Mn-oxide reductive dissolution, was further
investigated by stopping flow through the columns at
day 153 in order to increase the residence time. When
flow was resumed on day 173, the concentrations of
Mn in the effluent increased for both columns
(Fig. 4B). This observation indicates that the reduc-
tive dissolution reaction rate, rather than Mn-mineral
precipitation, was the limiting factor for the Mn
concentrations in the effluent.

Since Mn concentrations were not attenuated by
precipitation reactions, the excess acetate consump-
tion must be explained by processes other than Mn-
oxide reductive dissolution. It is possible that acetate
was consumed by fermentation reactions according
to, for example, the following reaction:

CH;COO0~ +H" — CO, + CH, (6)
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In order to assess the controls on acetate concen-
trations within both columns, carbon mass balance
calculations were performed. From these calculations
the fraction of acetate that was utilized for Mn-oxide
reductive dissolution reactions was determined and
the fate of the remaining acetate was deduced. The
calculations were performed using the steady-state
data collected from both columns (Table 4).

The following assumptions were made for the
calculations:

(1) the reductive dissolution of Mn oxides occurred
according to Eq. (1),

(2) the fermentation of acetate occurred according to
Eq. (6),

(3) mineral-precipitation and dissolution reactions
did not consume or produce bicarbonate within
the two columns,

(4) the amount of acetate consumed in the columns is
equal to the influent mass flux minus the effluent
mass flux,

(5) the amount of bicarbonate produced in the
columns is equal to the effluent mass flux minus
the influent mass flux, and

(6) Fe-oxide reductive dissolution, denitrification and
sulphate reduction did not occur.

The calculations indicate that only 2 and 1% of the
total acetate consumed in the inoculated and treated
columns, respectively, can be accounted for by the
reductive dissolution of Mn oxides. Similarly, only 4
and 1% of the total bicarbonate produced in the
inoculated and treated columns, respectively, can be
accounted for by the reductive dissolution of Mn
oxides. Furthermore, if the remaining mass of acetate
was degraded by fermentation according to Eq. (6), 79
and 87% of the total bicarbonate produced can be

Table 4
Data used in the carbon mass balance calculations

Parameter Influent sol- Inoculated Treated column

(mmol/1) ution (average)  column effluent®
effluent®

Bicarbonate ~ 0.083+0.02 0.2840.007 0.224+0.02

Acetate 0.514+0.01 0.15+0.009 0.2240.02

Mn - 0.01540.0004 0.0034+0.0002

% Average value between 120 and 153 days.

accounted for in the inoculated and treated columns,
respectively. These calculations suggest that there
was a source of bicarbonate in the columns that cannot
be accounted for by Egs. (1) and (6). The source of
this bicarbonate is not certain. Geochemical model-
ling results suggest that the effluent from both
columns was undersaturated with respect to most
carbonate minerals, therefore, carbonate-mineral dis-
solution may account for the excess bicarbonate. It is
also likely that acetate degradation was more complex
than is suggested by Eq. (6). For instance, some of the
carbon that is reduced to form methane (CHy),
according to Eq. (6), may actually be converted to
bicarbonate.

The steady-state acetate and Mn concentrations
were different in the two columns, indicating that
the Mn-oxide reductive dissolution rates were not
the same. The difference in rates is also evident
from the differences in Mn and acetate concen-
trations in the column effluent after flow to the
columns was interrupted between 153 and 173 days.
When flow was resumed, Mn concentrations in the
effluent from the inoculated column increased by
7.6 10~ mmol/l compared to an increase of only
22X 107  mmol/l in the effluent from the treated
column (Fig. 4B). The acetate concentrations in the
effluent from the inoculated column declined to non-
detectable values during the period when flow was
stopped, whereas acetate concentrations in the
effluent from the treated column actually increased.
These differences in Mn(I) production rates and
acetate consumption suggest there were significant
differences in the microbial ecology in the columns,
probably as a result of the initial ethanol treatment.

Although the above discussion pertains mainly to
the microbially mediated reductive dissolution of Mn
oxides coupled to the oxidation of DOC, it is possible
that other reactions contributed to the elevated
concentrations of Mn(II) in the column effluents. For
example, Nealson et al. (1989) suggest that both Mn-
and Fe-oxide reductive dissolution should be con-
sidered together. Lovley and Phillips (1988b) found
that the microorganism GS-15 did not preferentially
reduce Mn oxides in the presence of Fe oxides as may
be expected thermodynamically, rather both reactions
occurred at the same time. Since the column sand
contains appreciable amounts of Fe oxides it may be
expected that Mn- and Fe-oxide reductive dissolution
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occurred concurrently. As such, the lack of
measurable Fe concentrations in the effluent from
the columns was likely due to the abiotic reductive
dissolution of Mn oxides by Fe(Il) as suggested by
Lovley and Phillips (1988b). The lack of Fe in the
effluent of the columns is supported by mass balance
calculations which suggest that only 27 and 11% of
the total Mn (assumed to be present as Mn oxides) in
the inoculated and treated columns, respectively, was
removed during the course of the experiment.
Although some of the Mn oxides that remained may
not have been reducible, the presence of Mn in the
effluent from both columns at steady state suggests
that reducible Mn oxides still existed in the columns.

3.2. Conceptual model

A conceptual model was developed to describe the
processes that occurred in the columns. The important
elements of the conceptual model are described
below, and these represent the basis of the numerical
model development.

e Bacterially mediated reductive dissolution of the
oxides represents a source for dissolved Mn(Il)
within the columns.

o At the start of the experiment, exchangeable Mn(II)
occurs on the surfaces of the column materials.

e During the initial transient period, Mn(II) concen-
trations are controlled by cation-exchange
reactions.

e During the steady-state period, Mn(II) concen-
trations are controlled by the rate of Mn-oxide
reductive-dissolution reactions.

e Reductive-dissolution reactions account for a very
small fraction of the total acetate degraded (1-2%).

3.3. Reactive-transport modelling of column results

Reactive-transport simulations were performed to
further test the conceptual model. In the first set of
simulations, aqueous speciation and equilibrium
cation-exchange reactions were included as geochem-
ical controls. The second set of transport simulations
included aqueous speciation, equilibrium cation-
exchange reactions, and kinetically controlled Mn-
oxide reductive dissolution.

The average influent composition presented in
Table 1 was used to define the influent solution in the
simulations. The initial conditions within the columns
were represented by the composition of the first
effluent samples collected from the columns at 0.6
days. Cauchy boundaries (i.e. flux-type) were speci-
fied at both the inflow and outflow of the simulated
columns. A Cauchy-type boundary is justified for the
inflow boundary because, as noted by Parkhurst and
Appelo (2001), the diameter of inlet tubing (0.3 cm)
for the experiments was significantly smaller than
the diameter of the columns (10.2 cm). Similarly,
Appelo and Postma (1996) suggest that a flux-type
boundary is the most suitable boundary condition to
use in order to describe breakthrough curves at the
outflow of a laboratory column. A summary of the key
parameters used in the transport simulations is
presented in Table 5.

The model Peclet and Courant values were
determined from the criteria specified by Bear and
Verruijt (1987). The Peclet numbers in the inoculated
and treated columns were 0.96 and 1.19, respectively.
The Courant numbers in both columns were equal to 1.

3.3.1. Simulations without reductive dissolution of Mn
oxides

Reaction and transport were simulated using
equilibrium aqueous speciation and cation-exchange
reactions, excluding the reductive dissolution of Mn
oxides (Figs. 7 and 8). A CEC value of 0.004 eq/kg

Table 5
Parameters used in the transport simulations

Parameter Units Inoculated Treated column
column

Velocity cm/d 3.54 3.58

Dispersivity cm 0.26 0.21

Porosity - 0.43 0.43

Molecular cm?/d 0 0

diffusion

coefficient

Concen- mol/kg water  3.95%X107%  3.95%x107?

tration of

pyrolusite

Model time S 6102 6034

step

Model cell cm 0.25 0.25

length

Number of - 76 76

cells




176 B.M. Petrunic et al. / Journal of Hydrology 301 (2005) 163—181

water was used for the simulations. This CEC value
was determined by fitting the cation data collected
from the treated column within the first 25 days of the
experiment since reductive dissolution of Mn oxides
did not occur in the treated column during this time.
The CEC value of 0.04 eq/kg water (0.9 meq/100 g
sediment) determined by extraction with BaCl, is 10
times greater than the CEC value determined from the
model fit. Jardine et al. (1988) found that adsorption
isotherms measured in batch experiments over-
estimated solute retardation in soil columns which
contained undisturbed sediments. However, Valocchi
et al. (1981) found that batch-determined chemical
parameters (i.e. selectivity coefficients and ion-
exchange capacity) could be used to adequately
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Fig. 7. Measured (symbols) and simulated (solid lines) cation
concentrations in the effluent from the inoculated column versus
time. The model results are from simulations in which equilibrium
cation-exchange reactions were included, but Mn-oxide reductive
dissolution was excluded.
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Fig. 8. Measured (symbols) and simulated (solid lines) cation
concentrations in the effluent from the treated column versus time.
The model results are from simulations in which equilibrium cation-
exchange reactions were included, but Mn-oxide reductive
dissolution was excluded.

simulate field data. The discrepancy between the
batch-determined CEC and the model-determined
CEC values may occur due to: (1) preferential flow
paths in the columns; and/or (2) selectivity
coefficients in the WATEQ4F database (Ball and
Nordstrom, 1991) that do not represent the experi-
mental system. In addition, there are a variety of
experimental methods that can be used to determine
the CEC of sediments and depending on the
conditions (e.g. pH and equilibration time) the
experimentally determined CEC value may vary.
The results from the numerical simulations
demonstrate that cation-exchange reactions can repli-
cate the variation observed in most of the major cation
concentrations (Figs. 7 and 8). However, in contrast to
the experimental results, the simulated Mn
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Fig. 9. Measured (symbols) and simulated (solid lines) Mn
concentrations in the effluent from both the inoculated and treated
columns versus time. The model results are from transport
simulations in which equilibrium cation-exchange reactions were
considered.

concentrations decline to zero after about 25-30 days
(Fig. 9). This suggests that another process is required
in the model to reproduce the persistent non-zero Mn
concentrations.

3.3.2. Simulations that include reductive dissolution
of Mn oxides

The Mn data from the effluent of both columns
could be reproduced more closely with the model by
including kinetically controlled reductive dissolution
of Mn oxides with cation-exchange reactions and
geochemical speciation (Fig. 10). The Mn data from
the treated column was reproduced by trial and error
adjustment of the key Monod parameters. The Monod
parameters obtained by fitting the data from the
treated column were then used to simulate the
inoculated column, with the only difference between
the simulations being a different initial biomass
concentration. In order to achieve a reasonable fit
to the Mn(I) concentrations, the initial biomass
(X{(t=0)) in the inoculated column needed to be
approximately twice the initial biomass used to
simulate the results from the treated column. The
relative initial biomass values are consistent with the
experimental procedures that were followed. Prior to
beginning the experiment microbes were added to the
inoculated column, whereas an attempt was made to
reduce the initial microbial population present in the
treated column.

The results shown in Fig. 10 clearly indicate that
Mn-oxide reductive dissolution is required to
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Fig. 10. The results of transport simulations for (A) the treated
column and (B) the inoculated column. Simulations included

aqueous speciation, equilibrium cation-exchange reactions and
kinetically controlled Mn-oxide reductive dissolution.

maintain the long-term Mn concentrations that were
observed in the columns. In addition, there was no
significant decrease in the simulated acetate concen-
trations (data not shown) which is consistent with the
results of the carbon mass balance calculations that
suggest Mn-oxide reductive dissolution could not
have accounted for all the acetate degradation
observed in the column experiments.

A limited sensitivity analysis was performed to
constrain the Monod parameters that were used for the
simulations. The sensitivity analysis was only pre-
formed for the inoculated column as it is expected that
similar results would be obtained for the treated
column. Similar to Chen et al. (1992), the sensitivity
of the model results was assessed by varying one
parameter (i.e. k, K, X{(t=0), Y, or b) while keeping
the remaining parameters fixed. The model results are
very sensitive to k and K, with a slight increase or
decrease in these values resulting in unacceptable
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comparisons to the experimental Mn results. For
example, increasing k by a factor of two, or lowering
K, by a factor of two, resulted in simulated maximum
Mn concentrations of about 0.4 mmol/l, which signifi-
cantly exceeds the observed peak Mn concentrations
(Fig. 4B). In contrast, varying the initial biomass
(X((t=0)) or death rate (b) by an order of magnitude
did not cause any major changes to the simulated
results for the early-time Mn data (i.e. <10 days);
however, such values did not produce a good fit to the
measured Mn concentrations at later times. Similarly, a
higher or lower yield coefficient (Y¥) did not affect the
model fit for the early-time Mn data but resulted in a
poor fit to the Mn concentrations at times exceeding 25
days. The reasonable comparison between the cali-
brated Monod parameters and those obtained in other
studies (Table 6) that have used acetate as an electron
donor, also gives greater confidence in the Kkinetic
parameters.

3.4. Comparison of experimental data with historical
field data

Prior to the installation of the first pumping well
in the Fredericton Aquifer in 1955, the City of
Fredericton obtained drinking water directly from the
Saint John River. It is expected that the installation of
pumping wells in the aquifer caused a reversal in the
natural water table gradient and resulted in sustained
infiltration of river water into the aquifer.

Production Well 5 is located approximately
20m from the Saint John River (PWS5, Fig. 2)

Table 6

and the average pumping rate from the well is
3650 m*/d. Due to the close proximity of the well to
the river and the large pumping rate, the river acts as
the major source of recharge to the well. The
concentration history of water from PWS5 may therefore
have evolved according to the redox sequence shown in
Fig. 1, with elevated Mn concentrations resulting from
cation exchange and reductive dissolution of Mn
oxides. As a result, a qualitative comparison between
the trends in Mn concentrations from PWS5 and the
experimental data can be made. The temporal trends in
Mn concentrations that were observed in the experi-
mental results are similar to the trend observed for Mn
concentrations in PW 5 (Fig. 11). Although the time
scale, flow dimensionality, seasonal variability and
aquifer heterogeneity differ significantly between the
laboratory and field flow paths, the mechanistic under-
standing that is obtained from the column experiments
suggests that the large initial peak in the Mn
concentrations from the city well may be explained
primarily by cation-exchange reactions. By analogy
with the experimental results, it would be expected that
a longer-term steady-state period of lower Mn concen-
trations will occur in the future due to the continued
reductive dissolution of Mn oxides.

4. Conclusions

It was possible to identify two major controls
on Mn concentrations in the column systems:

The Monod parameters determined from the experiments compared to literature values

Monod parameter Units Experimental value Value from Williamson Value from Rittmann
and McCarty (1976) and McCarty (1980)*

K, mol acetate/kg water 1x1073 1.5%1072 6.6X107°

k=0.25¢, mol acetate/(g cells d) 0.013 0.080 0.18

X (initial)—treated g cells/kg water 45%x10™4 n/a n/a

column

X (initial)—inoculated g cells/kg water 1.0x107? n/a n/a

column

Y g cells/mol acetate 30 n/a 7.9

b ! 0.09 n/a 0.20

(1) The value of K, is not reported because the moles of pyrolusite consumed in the simulations was negligible, thus the K, value did not
influence the results of the simulations and was not used as a fitting parameter. (2) n/a, not available.

% To convert the Monod parameters reported by Rittmann and McCarty (1980) from units containing ‘g of carbon’ to units of ‘g of cells’, the
‘cells” or biomass in the simulations was represented by the chemical formula CsH;O,N which was previously defined by Rittmann and
VanBriesen (1996) (i.e. there are 60.05 g of C for every 1 mol of cells; MW 113 g cells/mol cells).
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Fig. 11. Manganese concentrations in PW 5 located in the
Fredericton Aquifer. The well is located approximately 20 m from
the Saint John River, with a vertical well screen that extends from
approximately 15 to 24 m below the river bed.

cation-exchange reactions and microbially mediated
reductive dissolution of Mn oxides.

The concentrations of the cations (Ca, K, Na,
Mg, and Mn) in the effluent from both columns
were initially transient, with trends consistent with
cation-exchange. With the exception of Mn, the
concentrations of all other cations reached influent
concentrations after about 46 days, indicating that
cation-exchange equilibrium had been established.
Although Mn was not present in the influent
solution, Mn concentrations remained elevated in
the effluent from both columns at steady-state
indicating that Mn(II) was released from the
sediments through reductive dissolution of Mn
oxides. The comparison of data between the
inoculated and the treated column clearly indicates
that the reductive dissolution of Mn oxides was
microbially mediated.

Reductive dissolution of Mn oxides occurred
immediately with the introduction of acetate to the
inoculated column and was delayed for approximately
35 days in the treated column. The delay in the treated
column resulted from the ethanol treatment and
probably represents the time required to re-establish
a viable Mn-oxide reducing bacterial population.

Acetate consumption associated with microbially
mediated reductive dissolution of Mn oxides in the
column systems could account for only a small
fraction of the total acetate degraded. The majority
of the acetate in the columns was likely consumed by
fermentation reactions as suggested by the carbon
mass balance calculations. The bicarbonate in the
effluent from the columns remained above the influent

concentration which is consistent with the oxidation
of acetate by either reductive dissolution of Mn oxides
or fermentation reactions. Although bicarbonate
was produced in the columns, carbonate-mineral
precipitation reactions were not a limitation to cation
concentrations.

The early-time experimental data displayed a trend
similar to data collected from a river bank production
well, suggesting that cation-exchange processes may
contribute significant amounts of Mn to the ground-
water over time periods of decades. Elevated Mn
concentrations in the aquifer have previously been
attributed to reductive dissolution processes alone
(Thomas, 1991; Thomas et al., 1994). By analogy
with the experimental results it may be expected
that after initial exchange reactions have reached
equilibrium, Mn concentrations exceeding 9.1X
10~* mmol/l will persist due to Mn-oxide reductive
dissolution if reducible Mn oxides and labile DOC are
available.
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